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A B S T R A C T   
A Sequencing Batch Reactor (SBR) with activated sludge was operated with synthetic wastewater containing 
ibuprofen (IBU) to investigate the biomass stress-responses under long-term IBU exposure. There were 3 different 
phases: phase I as the control without IBU for 56 days, phase II (40 days), and phase III (60 days) containing IBU 
at 10 and 5 mg L− 1 each. The overall performance of the SBR as well as the extracellular polymeric substances 
(EPS) in terms of polysaccharides, proteins, and humic acid substances were estimated. Morphological param-
eters of microbial aggregates in the presence of IBU (phase II and phase III) were assessed by quantitative image 
analysis (QIA). Removal efficiencies of chemical oxygen demand (COD) and ammonium (NH4+) were significantly 
reduced by IBU. Loosely bound EPS (LB-EPS) decreased during phase II and phase III, and tightly bound EPS (TB- 
EPS) was slightly higher in phase II than phase I. TB-EPS proteins were greater in phase II, perhaps to protect 
microbial cells from IBU exposure. These findings provided insight into both activated sludge stress-responses 
and EPS composition under long-term IBU exposure. Spearman correlation showed that EPS and morpholog-
ical parameters significantly affected sludge settleability and flocculation. QIA also proved to be a powerful 
technique in investigating dysfunctions in activated sludge under IBU exposure.   
1. Introduction 
The presence of pharmaceutical compounds in the environment has 
become a growing concern worldwide. Albeit these compounds are 
present at low concentrations (<1 mg L− 1) in aquatic environments, 
these substances are capable of triggering extremely harmful effects in 
the systems in which they can be found (Joss et al., 2006; Sacher et al., 
2001; Santos et al., 2010). 
Ibuprofen (IBU) is a non-steroidal anti-inflammatory drug used to 
reduce fever and treat pain or inflammation caused by many conditions, 
such as headache, toothache, back pain, arthritis, menstrual cramps or 
minor injury. IBU and/or its metabolites have been detected in aquatic 
ecosystems (Ashton et al., 2004; Loos et al., 2007; Ternes, 1998), sewage 
(Lee et al., 2005; Quintana et al., 2005; Verenitch et al., 2006), and 
drinking water (Loraine and Pettigrove, 2006). 
Wastewater treatment plants (WWTP) can act as entrance routes for 
IBU into the aquatic environment resulting from different sources, 
including pharmaceutical industries, hospital activities, and human 
excretion (up to 70%) (Buser et al., 1999). IBU has been measured in raw 
wastewater from different sources in amounts ranging from 200 ng L− 1 
to concentrations >370 μg L− 1 (Santos et al., 2007, 2013). In conven-
tional WWTP, IBU is not entirely removed from the wastewater with 
primary and secondary treatment (Ternes, 1998). Thus, IBU and other 
micropollutants have received wide attention in the scientific commu-
nity since the presence of these compounds in the different environ-
mental compartments (soil, water, etc.), even at low concentrations 
(ranging from ng L− 1 to mg L− 1), can cause harmful environmental and 
human health effects (Kosonen and Kronberg, 2009; Rodriguez-Narvaez 
et al., 2017; Verenitch et al., 2006). Moreover, several reports indicate 
the toxicity of IBU in the aquatic environment. Thus studies have been 
carried out on acute effects in organisms belonging to different trophic 
levels (e.g., algae, zooplankton, other invertebrates and fish) (Ortiz de 
García et al., 2014; Santos et al., 2010). In addition, studies have also 
addressed the toxic effect of IBU in wastewater treatment system mi-
crobial communities in terms of microbial activity (Amariei et al., 2017) 
and treatment performance, mainly by following the decrease of the 
capacity to remove organic matter (Falås et al., 2016; Jia et al., 2020) 
and nitrogen compounds (Pasquini et al., 2013). Considering that 
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activated sludge (AS) systems are the most common biological waste-
water treatment system found in WWTP worldwide, investigations 
encompassing IBU effects on microbial aggregate structure are of 
considerable importance. In this context, extracellular polymeric sub-
stances (EPS) clearly play a significant role in AS by contributing to 
flocculation, settling, dewatering and metal binding (Liu and Fang, 
2003; More et al., 2014; Song et al., 2014). EPS also has an important 
role in protecting aggregated biomass against environmental distur-
bances (e.g. toxic compounds). Previous studies have investigated the 
ability of biological processes to degrade IBU under different conditions 
(Amariei et al., 2017; Zupanc et al., 2013). However, the impact of 
long-term IBU exposure on EPS production and composition, as well as 
on the AS floc structure, remains unexplored. 
Secretion of EPS by bacteria under pharmaceutical compounds 
exposure can delay or prevent toxicants reaching microbes (Sheng et al., 
2010; Tian et al., 2019). However, it is uncertain how microbial ag-
gregation properties change when exposed to IBU. Therefore, these 
changes require further investigation, as also their effect on the per-
formance of biological systems. Activated sludge systems (ASS) are often 
affected by common dysfunctions related to the overproduction of EPS, 
including zoogleal (or viscous) bulking, making the density of AS ag-
gregates closer to that of the surrounding water, thus decreasing settling 
ability (Jenkins et al., 2003). Microscopy examination coupled to 
quantitative image analysis (QIA) is particularly essential in monitoring 
and controlling ASS. As a result, this technique is becoming widespread 
for the characterization of the morphology of AS microbial aggregates 
and the evaluation of AS status. QIA has recently allowed the identifi-
cation of different types of bulking (Mesquita et al., 2011), demon-
strating the usefulness of this methodology as a fast, simple and effective 
way of detecting deviating conditions in AS. 
Taking the above into consideration, the main goal of this study has 
been to investigate the response of AS to IBU exposure. Additionally, to 
clarify the EPS protection role towards pharmaceutical compounds, EPS 
composition and production have been assessed, as well as the proper-
ties of the microbial aggregates. We think this work brings new insight 
into the effects of IBU on AS floc structure (as assessed by QIA meth-
odologies). Moreover, the relationship between the morphology of ag-
gregates and the type and composition of EPS is of major interest and can 
contribute to timely decisions in AS treating pharmaceutical com-
pounds, which includes IBU. 
2. Materials and methods 
2.1. SBR set up and operation 
A sequencing batch reactor (SBR) consisting of a 2 L working volume 
was operated at room temperature, and the cycle length was 6 h, with 
40 min of feeding, 240 min of aeration, 40 min of settling, and 40 min of 
withdrawal. For aeration, fine air bubbles were supplied through a 
porous stone at the bottom of the reactor with a superficial gas velocity 
of 2.5 cm s− 1. One litre of a synthetic medium containing mainly acetate 
as a carbon source and a trace metal solution was added to the feeding 
phase. The hydraulic retention time was 12 h with a volumetric ex-
change ratio of 50%, and the sludge retention time was set at 10 days by 
discharging daily an appropriate amount (200 mL) of suspended sludge. 
SBR was inoculated with AS from a municipal WWTP at an initial con-
centration of ~3000 mg L− 1 of mixed liquor suspended solids (MLSS). 
The synthetic wastewater contained the following components (per 
litre): 1.450 g sodium acetate (NaCH3COO⋅3H2O), 0.120 g NH4Cl, 0.028 
g K2HPO4, 0.030 g MgSO4.7H2O, 0.07 g CaCl2⋅2H2O, 0.015 g KCl, and 
3.5 mL trace element solution for biomass maintenance (Smolders et al., 
1994). 
During phase I (day-0 to day-56), the SBR was fed with synthetic 
wastewater without IBU as a control. From day-57 to day-98 (phase II), 
IBU (Acros Organics) was added to the synthetic influent media at 10 
mg L− 1 for only the first cycle of the day. Lastly, from day-99 onwards 
(phase III), the reactor was operated containing 5 mg L− 1 IBU, following 
the same operational procedure as in phase II. Phases I, II, and III were 
sequentially conducted, in which the system was re-inoculated with new 
biomass to eliminate the effects caused by adding IBU to the system. 
Prior to each experiment, the inoculated biomass was acclimatized for a 
period of 20 days to the synthetic media without IBU exposure. 
IBU was selected due to its widespread occurrence in WWTP (San-
ganyado et al., 2017), suspicion of its causing dysfunction in AS at the 
selected concentrations (Pasquini et al., 2013), and the lack of knowl-
edge of ASS reliability in the case of irregular exposures (Abegglen et al., 
2009; Langenhoff et al., 2013). In small or decentralized wastewater 
treatment systems, high load variations of micropollutants are expected 
(higher by a factor of 50–1000 than in centralized treatment) due to 
irregular consumption (e.g., medication by individuals), and these 
concentrations can be found in the effluents from hospitals and elderly 
houses. 
2.2. Analytical methods 
Chemical oxygen demand (COD), ammonium (NH4+), nitrite (NO2− ), 
and nitrate (NO3− ) concentrations were determined with cell tests on a 
Hach Lange DR 5000 spectrophotometer (Hach Lange, Dusseldorf, 
Germany). 
Mixed liquor volatile suspended solids (MLVSS), MLSS, and the 
sludge volume index (SVI) of a sludge sample were measured according 
to the Standard Methods (APHA, 1998). The sludge suspension was 
settled for 30 min, after which the supernatant fraction was collected 
and measured as effluent suspended solids (ESS). This ESS level in-
dicates the microbial flocculation performance, whereas the SVI value 
specifies the sludge settleability and compressibility. 
IBU (in samples collected from the influent and effluent SBR) was 
assayed as previously described (Quintelas et al., 2020). 
2.3. EPS extraction and quantification 
A heat extraction method (Li and Yang, 2007) was modified to 
extract the loosely bound EPS (LB-EPS) and tightly bound EPS (TB-EPS) 
from AS. A sludge suspension was first dewatered by centrifugation 
(5810 R, Eppendorf) in a 40 mL tube at 8000 g for 5 min. The sludge 
pellet in the tube was resuspended at its original volume of 40 mL with 
100 mM NaCl solution with a similar salinity to the SBR reactor solution. 
The NaCl solution for dilution was preheated to 70 ◦C to ensure that the 
sludge suspension immediately reached 50 ◦C. Without delay, the sludge 
suspension was sheared with a vortex mixer for 1 min, followed by 
centrifugation at 4000g for 10 min. The organic matter in the superna-
tant was readily extractable EPS, regarded as the biomass’s LB-EPS. For 
TB-EPS extraction, the sludge pellet left in the centrifuge tube was 
re-suspended in 100 mM NaCl solution to its original volume of 40 mL. 
The sludge suspension was heated to 60 ◦C in a water-bath for 30 min, 
and the mixture was then centrifuged at 12,000 g for 20 min at 4 ◦C. The 
supernatant collected was regarded as the TB-EPS extraction of the 
sludge. All supernatant samples were filtered through a 0.45 μm acetate 
cellulose membrane. 
Both the LB-EPS and TB-EPS extractions were analysed for poly-
saccharides (PS), proteins (PN) and humic acid substances (HAS). PN 
and HAS were analysed in triplicate in an UV/VIS spectrophotometer 
(DR 500 Hach Lange, Dusseldorf, Germany), following the modified 
Lowry method using bovine serum albumin (BSA) and humic acid as 
standards, respectively. The PS content was determined in duplicate by 
the anthrone-sulphuric acid method, using glucose as the standard 
(Frølund et al., 1995). The sum of PN, HAS and PS content was referred 
to as the total LB-EPS and TB-EPS. The sum of LB-EPS and TB-EPS was 
also assessed as the total EPS. 
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2.4. Image acquisition, processing, and analysis 
For the QIA analysis, a 2 mL sample was taken from the middle depth 
of the SBR during the aeration phase. Images were acquired in triplicate 
of 10 μL air-dried slides through bright-field microscopy with an 
Olympus BX51 microscope (Olympus, Shinjuku, Japan) at 40 × (1360 ×
1024 pixels) and 8-bits, coupled to an Olympus DP72 camera (Olympus, 
Tokyo, Japan), giving us 150 images per day. The images used for the 
characterization of aggregates and filaments content were processed by 
a program developed in Matlab 9.2 (The Mathworks, Inc., Natick, USA) 
by Amaral and Ferreira (2005). Image processing and analysis infor-
mation can be found in the supplementary information (SI, Figure S1). 
The aggregates and filaments content were measured in terms of the 
total area per sample volume (TA/Vol), the total filament length per 
sample volume (TL/Vol), and the total filaments length per MLSS (TL/ 
MLSS). The aggregates size (in equivalent diameter, Deq) was also 
determined. Aggregates were divided into 3 size classes according to 
their Deq: small (<25 μm), intermediate (25–250 μm), and large (>250 
μm). The aggregate area percentage (%Area) was also determined for 
the small (sml), intermediate (int), and large (larg) aggregates. These 
parameters proved adequate for monitoring settling dysfunctions in 
conventional ASS, as by Mesquita et al. (2011). 
2.5. Statistical analysis 
Statistical analysis was used for phase I (17 samples), phase II (17 
samples), and phase III (23 samples), and the results are given as mean 
and one standard deviation. 
Significant differences were determined by analysis of variance 
(ANOVA), using Tukey’s post-hoc test in SPSS 26.0 to verify whether 
there was a significant difference in the removal of COD, NH4+ and IBU 
between the 3 phases, and to investigate whether there were differences 
in the concentration of EPS and its components. 
Spearman rank-order correlation coefficient was used to identify the 
strength of the relationship between EPS and its components and ESS, 
SVI, and QIA parameters. The values of the correlation coefficients vary 
Fig. 1. (a) COD concentration (mg L− 1) in SBR along phases I–III. COD concentration (mg L− 1) in the inlet feeding (●), and in the effluent (o); (b) NH4+, NO2− , and 
NO3− concentration profile along phases I–III. NH4+ concentration (mg L− 1) in the inlet feeding (●), in the effluent (o), NO2− in the effluent (⋄), and NO3− in the effluent 
(◆); (c) IBU concentration (mg L− 1) in SBR along phases II and III. IBU concentration (mg L− 1) in the inlet feeding (●) and in the effluent (o). 
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between +1.00 and − 1.00. Both extremes represent perfect relation-
ships between the variables, and 0.00 indicates no relationship. 
3. Results 
3.1. SBR performance 
Through phase I, the effluent COD was <40 mg L− 1 (Fig. 1a), which 
means that COD removal efficiency was stable and reached an average of 
96% (SI - Table S1). With IBU (phase II), the effluent COD ranged from 
40 to 600 mg L− 1, and from 95 to 646 mg L− 1 in phase III, where the COD 
average removal efficiency decreased on average to 71 and 65%, 
respectively (SI - Table S1). 
Ammonium ions (NH4+) were almost completely oxidized in phase I, 
with concentrations in the effluent of <1.6 mg L− 1 (Fig. 1b), and 
therefore removal efficiencies of 99% were obtained (SI - Table S1). In 
phases II and III, higher NH4+ effluent concentrations (Fig. 1b) and 
accordingly lower removal efficiencies (SI - Table S1) of 77 and 71% 
were obtained, respectively. Nitrite (NO2− ) concentrations remained 
almost unchanged throughout the experiments (Fig. 1b) due to rapid 
transformation to nitrate (NO3− ). However, NO2− concentration increased 
on average from 0.1 mg L− 1 during phase I to 0.7 mg L− 1 during phase II 
and III (SI - Table S1). Regarding effluent NO3− concentration (Fig. 1b), a 
decreasing trend occurred throughout the entire experiment, with 
higher concentrations being obtained in the absence of IBU (phase I), 
ranging from around 7 to 3 mg L− 1. On average, effluent NO3− concen-
tration was 4.6 mg L− 1 in phase I, i.e. twice the concentration for phase II 
and 10 fold the concentration obtained for phase III (SI - Table S1). 
Statistical results (ANOVA and Tukey HSD test) also indicated that 
COD and NH4+ removal efficiencies were significantly different in phase I 
from both phase II and III (SI - Table S2 and S3). IBU at concentrations of 
10 and 5 mg L− 1 significantly affected (p < 0.05) the metabolism of 
heterotrophic microorganisms, ammonia-oxidizing bacteria (AOB) and 
nitrite-oxidizing bacteria (NOB), with a decrease of both organic matter 
removal and ammonia oxidation. 
The ability of the biomass to remove IBU from the liquid phase was 
also investigated, and effluent IBU concentrations of <5 mg L− 1 (phase 
II) and 4 mg L− 1 (phase III) were achieved (Fig. 1c). Consequently, 
average removal efficiencies of 58 and 50% were accomplished (SI - 
Table S1). In this case, statistical results indicated that IBU removal ef-
ficiencies were not significantly different between phase II and III (SI - 
Tables S2 and S3). 
3.2. Effect of ibuprofen on EPS production and composition 
The phase I experiment had an average LB-EPS content of 138.30 mg 
EPS/g MLVSS, whereas phase II had an average of 20.02 mg EPS/g 
MLVSS, and phase III 38.92 mg EPS/g MLVSS (Fig. 2a, SI - Table S4), 
indicating that LB-EPS content decreased as IBU concentration 
increased, which suggests a negative action on LB-EPS content produc-
tion. Accordingly, LB-EPS content was significantly different (p < 0.05) 
in phase I (SI - Tables S5 and S6). Regarding TB-EPS content, similar 
results were obtained with phase I and II (average of 88.49 mg EPS/g 
MLVSS and 92.37 mg EPS/g MLVSS, respectively), and a lower content 
during phase III (average 39.16 mg EPS/g MLVSS) (Fig. 2a, SI -Table S4), 
thus showing a significant (p < 0.05) difference between only phase II 
and phase III (SI - Tables S5 and S6). 
Regarding LB-EPS content, HAS represented 53 and 58% for phase I 
and III, respectively, followed by PN (with 41 and 36%, respectively), 
and PS at a small proportion (6%) for both phases (Fig. 2b, SI - Table S4). 
PN was the larger component in phase II, representing on average 50%, 
followed by HAS and PS (averages of 43 and 7%, respectively; Fig. 2b, SI 
- Table S4). A significant difference (p < 0.05) was recorded for PS, PN, 
and HAS in the presence of IBU. Nevertheless, the content of PS, PN and 
HAS did not change significantly (p < 0.05) between phase II and phase 
III (SI - Tables S5 and S6). 
TB-EPS components showed the same behaviour with LB-EPS com-
ponents (Fig. 2c). Although TB-EPS components concentration changed 
in all phases, no significant difference (p < 0.05) was found for PS (SI - 
Tables S5 and S6). A significant difference was obtained for HAS just 
between phase I and phase III. PN gave the highest content when IBU has 
been added in phase II (Fig. 2c, SI - Table S4), and its significant increase 
(p < 0.05) (SI - Tables S5 and S6) could probably be explained as a 
strategy of microorganisms defence against harsh conditions (Kong 
et al., 2017; Zhou et al., 2019). For phase III, a decrease in TB-EPS 
occurred compared with phase I, suggesting that IBU directly in-
terferes with AS metabolic activity - similar results had been obtained by 
Pasquini et al. (2013) when concentrations varying from 0.1 to 5 mg L− 1 
were tested, and a reduction in the TB-EPS production was also 
observed. 
3.3. Settling ability and morphological properties 
The aggregate area distribution analysis clarifies the nature of ag-
gregates within the biomass (Fig. 3). During phase I, there was an 
Fig. 2. (a) LB-EPS and TB-EPS for different phases of SBR operation. Quantities 
of LB-EPS and TB-EPS in terms of PS, PN, and HAS content; (b) PS, PN, and HAS 
content of the LB-EPS; (c) PS, PN, and HAS content of the TB-EPS. 
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expected predominance of intermediate aggregates and residual per-
centages of large aggregates (data not shown), agreeing with the results 
of Mesquita et al. (2011). The significant presence of intermediate ag-
gregates (%Areaint ranging from 77 to 47%) until day 77 of phase II 
(despite the decreasing trend), concerning the small (%Areasml ranging 
from 3 to 7%) and large aggregates (%Arealarg ranging from 20 to 46%), 
indicated the predominance of normal aggregates structures. From day 
77 until day 91, there was a predominance of large aggregates in the 
system (%Arealarg of ~61% on average). These results are also associ-
ated at this point to the sharp increase of both MLSS (from 2.3 to 4.5 g 
L− 1) and TA/Vol (from 2.6 to 9.2 mm2 μL− 1) in the same period of 
operation (data not shown), previously reported as commonly coupled 
to the growth of large aggregates (Mesquita et al., 2011). From day 84 
onwards, the aggregates were accompanied by a significant number of 
protruding filaments as visualized by microscopy (SI - Figure S2c, d), 
disturbing the image acquisition process. 
In phase III, aggregate area distribution analysis showed the same 
trend as phase II for intermediate and large aggregates, although large 
aggregates were never predominant in the biological system throughout 
the experimental period (with the exception of the last samples). A 
decrease in intermediate aggregates (%Areaint from 88 to 45%) and an 
increase in the large aggregates (%Arealarg from 7 to 43%) occurred 
from day 105 to day 119, pointing to a global trend to form larger 
structures (Fig. 3). This behaviour was accompanied by a sharp decrease 
of MLSS (from 3.3 to 1.7 g L− 1), indicating a washout phenomenon and a 
minor decrease of TA/Vol (from 2.6 to 2.0 mm2 μL− 1) in the same period 
of operation (data not shown) due to the representation of large ag-
gregates in the system. Despite this abrupt change, from day 119 until 
the end of phase III, and in general, intermediate aggregates dominated 
in the biological system (%Areaint of ~49% on average), with a high 
contribution of large aggregates (%Arealarg of ~37% on average). Again, 
microscopy showed that the aggregates were accompanied by a signif-
icant proliferation of protruding filaments (SI - Figure S3c, d). 
The SVI results during phase I were consistently lower than 150 mL 
g− 1 (data not shown), the threshold for filamentous bulking, as proposed 
by Jenkins et al. (2003). In the presence of IBU, and at the beginning of 
phase II and III, the SVI values (Fig. 4) were lower or close to the 
threshold considered for filamentous bulking, where combining this 
information with microscopic inspection (SI - Figure S2a and S3a) 
excluded this phenomenon. TL/Vol and the TL/MLSS were also included 
in this evaluation due to their importance in predicting the SVI (Amaral 
and Ferreira, 2005). Accordingly, the presence of a filamentous bulking 
condition was established for values >10 mm μL− 1 for TL/Vol and >10, 
000 mm mg− 1 for TL/MLSS (Jenkins et al., 2003; Amaral and Ferreira, 
2005). Regarding Fig. 4, the values obtained for TL/Vol and TL/MLSS at 
the beginning of phase II and phase III were lower than the established 
limits. QIA results corroborated a bulking problem (Fig. 4) from day 84 
until the end of phase II (TL/MLSS of ~46,000 mm mg− 1, and TL/Vol of 
Fig. 3. Area percentage along phases II and III for small aggregates (■); intermediate (●); and large aggregates (◊).  
Fig. 4. Experimental profile of TL/Vol (◊); TL/MLSS (○); and SVI (■) along phases II and III.  
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~195 mm μL− 1 on average), and from day 119 until the end of phase III 
(TL/MLSS of ~46,000 mm mg− 1, and TL/Vol of ~64 mm μL− 1 on 
average). 
Statistical analysis based on Spearman’s correlation coefficients be-
tween SVI, ESS, EPS composition, and image analysis parameters during 
phases II and III, are shown in Fig. 5. The heat map shows positive 
correlation in the blue gradient and negative correlation in the red 
gradient between these variables. In the supplementary material (SI - 
Tables S7 and S8), it is possible to observe the specific values of 
Spearman’s correlation coefficients and their corresponding p-values. 
4. Discussion 
4.1. SBR performance 
We have found that the removal efficiencies of COD and NH4+ during 
phases with IBU feeding decreased significantly compared with the 
control phase without IBU feeding, indicating that the selected IBU 
concentration significantly inhibits SBR biomass activity. Accumulation 
of NO2− and the decrease of NO3− during phases II and III also indicated 
that IBU disturbs the biomass in the nitrification process. These findings 
are consistent with previous works that gave similar removal data for 
both COD and NH4+, where SBR systems operated in the presence of 5 
and 1 mg L− 1 IBU (Pasquini et al., 2013; Jia et al., 2020). Additionally, 
similar results of NO3− accumulation were seen by Roh et al. (2009) in a 
nitrifying ASS with IBU exposure. Accordingly, it seems reasonable to 
infer that IBU is responsible for dysfunction in nitrification, hindering 
both AOB and NOB activity. 
The removal efficiencies achieved during these investigations agree 
with those obtained in the operation of an SBR with AS during treatment 
with 500 μg L− 1 IBU (Peng et al., 2019). Moreover, IBU removal in ASS 
has been shown to be particularly influenced by the microbial commu-
nity in the system (Men et al., 2017; Peng et al., 2019). Additionally, 
once a long-term exposure to IBU triggers the development of IBU 
degrading microorganisms (CY et al., 2020; Zhou et al., 2019), one can 
explain the higher biodegradation ability of IBU in phase II (10 mg L− 1). 
Many investigations show the role of heterotrophic and AOB from ASS in 
degrading IBU; these reports suggest that AOB is not involved in IBU 
biodegradation, and it seems that heterotrophic microorganisms play a 
crucial role in IBU biodegradation (Jia et al., 2020; Roh et al., 2009; Men 
et al., 2017). 
4.2. Effect of ibuprofen on EPS production and composition 
During phases II and III, IBU affected the biomass by varying the 
amount of EPS produced. Increase of TB-EPS content in phase II (Fig. 2b) 
may be assigned to the high relative abundance of large aggregates 
related to the overproduction of EPS (An et al., 2016; Zhang et al., 
2019). For phase III, a decrease in TB-EPS occurred compared with 
phase I, suggesting that IBU directly interferes with AS metabolic ac-
tivity (Fig. 2b). Similar results were reported by Pasquini et al. (2013) 
with concentrations varying from 0.1 to 5 mg L− 1, and a reduction in the 
TB-EPS production was also seen. There was a trend regarding the EPS 
components concerning the concentration of HAS > PN > PS for phases I 
and III, and for phase II of PN > HAS > PS. Previously it has been sug-
gested that PN and PS are the major components of EPS (Frølund et al., 
1996); however, more recent work has found greater amounts of PN and 
HAS in biological systems (Oliveira et al., 2020; Wilén et al., 2003). 
Indeed, different designs and operational conditions of AS result in 
different EPS levels. The EPS composition difference can also be 
attributed to the type of extraction procedure (which strongly affects the 
yield) and the quantification method to evaluate the extracted EPS 
chemical composition. 
In the presence of toxic substances, an increase in EPS production can 
be considered as a defence mechanism for microorganisms. Accordingly, 
Zhou et al. (2019) found an increase in EPS production for IBU at levels 
varying from 1 to 5 mg L− 1. However, some toxic substances inhibit EPS 
production; Badireddy et al. (2008) found a significant reduction of EPS 
when Brevundimonas diminuta was exposed to bismuth dimercaptopro-
panol. Besides, the proportion of PN/PS, which is generally used to 
indicate hydrophobicity, had a higher value (PN/PS = 6.4) for phase II 
compared to the other two phases (PN/PS = 4.3 for phase I and PN/PS =
2.9 for phase III), suggesting stronger hydrophobicity and the possibility 
of having more sites for IBU adsorption (Zhang et al., 2019). 
Fig. 5. Heat map of Spearman correlation coefficients computed between SVI, 
ESS, EPS composition, and morphological parameters during (a) phase II (n =
17) and (b) phase III (n = 23). The values of correlation coefficients and di-
rections are displayed according to the colour key: positive correlations as blue 
gradients from 0 to 1 and negative correlations as red gradients from 0 to − 1. 
Significance of p-values are as followed: p < 0.01 represented as **, and p <
0.05 represented as *. (For interpretation of the references to colour in this 
figure legend, the reader is referred to the Web version of this article.) 
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4.3. Settling ability and morphological properties 
Throughout phase II and III, SVI were >150 mL g− 1 and the existence 
of low sludge settling ability properties with the development of pro-
truding filamentous bacteria (SI - Figures S2 and S3) has been verified. 
These results agree with previous studies reporting bulking problems 
and morphological dysfunctions in ASS (Amaral and Ferreira, 2005; 
Mesquita et al., 2011). Interestingly, SVI values at the end of phase II 
decreased to <150 mL g− 1, despite the larger values of TL/Vol and 
TL/MLSS. This can be attributed to the presence of intermediate and 
large structures that can settle well, despite their poor structure (com-
bined with high amounts of protruding filaments SI - Figure S2c, d). 
Thus, this is a clear indicator that other factors, such as chemical 
make-up or colloidal properties, are important in the settling of sludge, 
as well as EPS composition (Wilén et al., 2008), which will be further 
discussed. At the end of phase II the biomass was no longer accurately 
assessed by QIA, and thus the long-term IBU exposure at 10 mg L− 1 led 
to ASS collapse. On the other hand, at the end of phase III, SVI was al-
ways higher than the threshold limit, even with a balance of interme-
diate and large aggregates in the system, demonstrating the strong 
influence of protruding filamentous bacteria in reducing the sludge 
settling ability (SI - Figure S3c, d). 
Spearman’s correlation coefficients were used to further investigate 
the relationship between SVI, ESS, EPS composition, and image analysis 
parameters during phases II and III. As previously observed during phase 
II, high quantities of TB-EPS were obtained, especially PN, which sug-
gest that chemical properties change in the surface of AS. Thus, these 
variations in EPS may also have influenced the SVI results rather than 
QIA parameters (as shown in Fig. 5a). Furthermore, a slight increase in 
the ESS during phase II occurred. It is likely that large and intermediate 
aggregates settle faster than small aggregates, which may contribute to 
the decrease in SVI. The faster settling of the larger flocs associated with 
a higher concentration of MLSS could also contribute to the low SVI 
values at the end of phase II (Fig. 4). 
Our results suggest that EPS and its components influence the 
structure of the aggregates. For phase II, a significant positive correla-
tion was found between intermediate aggregates and HAS LB-EPS and 
Total LB-EPS (Fig. 5a and SI - Table S7). A trend to large aggregates 
formation and aggregates with large amounts of filaments was seen that 
suggest an open floc structure with poor compressibility (SI - Fig. S2) 
(Jin et al., 2003). Large aggregate formation can be associated with the 
high levels of biopolymers produced by biomass since they were posi-
tively correlated with the PN-TB, HAS-TB, TB-EPS, and total EPS 
quantity (Fig. 5a and SI - Table S7). Thus, these results indicate that 
intermediate and large aggregates contain higher EPS concentrations 
than small aggregates. Oliveira et al. (2020) also observed that EPS had 
a significant effect on the size distribution of aerobic granular sludge in a 
full-scale WWTP, with small granules being positively correlated to PN 
concentration in EPS. 
The results suggest that during phase III, the PN TB-EPS level prob-
ably had a greater significantly negative influence than other EPS con-
tents regarding dysfunction in bioflocculation (ESS) of the biomass 
(Fig. 5b and SI - Table S8). PN impacted bioflocculation since they are 
mainly created by hydrophobic R groups in amino acids promoting 
flocculation. PN proved to be the main factor determining the aggre-
gation ability of anammox (Hou et al., 2015). PN was also found to play 
a crucial role in granule formation and stability (McSwain et al., 2005). 
Higgins and Novak (1997) found that microbial aggregates tend to 
deflocculate after removing their surface PN. No correlation was found 
between image analysis parameters and LB-EPS and TB-EPS for phase III 
(Fig. 5b and SI - Table S8). Nevertheless, a positive correlation was seen 
only between PS LB-EPS and %Area of small aggregates. A negative 
correlation was seen between PS LB-EPS and %Area of intermediate 
aggregates, suggesting that PS in the EPS influenced the microbial ag-
gregation properties (Higgins and Novak, 1997). 
Due to their physicochemical properties, EPS are involved in 
microbial aggregates structure through complex interactions, which 
make this biopolymer bond electrostatically and physically to microbial 
surfaces. However, there is evidence suggesting that the influence of 
individual EPS components on microbial aggregates flocculation is 
complex (Chen et al., 2007; McSwain et al., 2005; Wilén et al., 2008; 
Hou et al., 2015). Therefore, can be supposed that IBU at 10 mg L− 1 
creates a greater change in the aggregates’ structure, instead of IBU at 5 
mg L− 1. Regarding Fig. 5a and b, these changes may be associated with 
the high production of EPS, especially TB-EPS. The correlations suggest 
that EPS and its components significantly influence aggregates param-
eters. These findings agree with those of Quintelas et al. (2020), showing 
that a change in the biomass structure occurs when IBU is added at 1, 10, 
and 20 mg L− 1. 
Fig. 5 and SI - Tables S7 and S8, show that EPS and their components 
(PS, PN, and HAS) have a critical role in the sludge settleability than the 
aggregates’ morphological structure. The results of our research agree 
with previous studies demonstrating a positive relationship between SVI 
content and the content of LB-EPS and TB-EPS (Li and Yang, 2007; Liao 
et al., 2011). However, the effects of the main components of EPS on the 
sludge settleability remain unclear, and the results were inconsistent 
with previous studies. Martinez et al. (2000) found that SVI content 
increased with the PN EPS content, whereas Jin et al. (2003) reported 
that the quantities of PN and PS in EPS were significantly correlated with 
the SVI, which is in accordance with the results we have obtained. Ac-
cording to Liao et al. (2011), EPS can differ in molecular weight and 
composition, mainly when produced under different conditions by mi-
croorganisms in biological systems. Thus, the difference in the concen-
tration EPS components (PS, PN, and HAS) might explain the AS 
difference in settleability behaviour between phases II and III. 
5. Conclusions 
We have shown that a significant reduction in heterotrophic bacteria 
activity occurs, with reduced COD removal efficiency and substantial 
inhibitory effect in the nitrification process, when AS is exposed to IBU 
during phases II and III. Regarding the removal of IBU in the liquid 
phase, a reduction in the concentration of 58 and 50% for phases II and 
III, respectively, was achieved. 
A decrease of LB-EPS concentration occurred with increasing IBU 
concentration. The higher concentration of PN in phase II may be 
associated with a greater impact on the microbial composition due to the 
introduction of IBU at 10 mg L− 1. The results of PN concentrations and 
the increase in the PN/PS ratio indicate that PN greatest production in 
TB-EPS was probably for cellular protection against IBU. EPS plays a 
significant role in sludge properties, and a significant correlation (p <
0.05) was found between SVI and all EPS contents for phase II, which 
may be associated with a major change in the biomass structure. For 
phase III, bioflocculation had a significant negative correlation (p <
0.05) with PN LB-EPS, and a significant positive correlation was found 
for sedimentation, (p < 0.01) with PS TB-EPS and (p < 0.05) with total 
LB-EPS. 
Finally, QIA gave some insight into the changes in the biomass 
structure correlating well with EPS components. This relationship 
demonstrates that both LB-EPS and TB-EPS and/or their components 
(PS, PN, HAS) significantly influence the microbial aggregates’ 
structure. 
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